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3.1 INTRODUCTION

Endangered birds often garner conservation action
and the Rodrigues fody (Foudia flavicans) is no excep-
tion. Dependent on mature-stand forests on the small-
est of the Mascarene Islands, the Rodrigues fody (Fig.
3.1) experienced a population crash when the majority
of its habitat was converted for agriculture in the
1960s. What was exceptional about the fody was its
manner of recovery. Before its population could be
completely decimated, it was saved in part by the

expansion of fast-growing non-native trees that
quickly fulfilled the mature-stand habitat requirement
of the bird (Impey et al. 2002; popular coverage and
interpretation by Fox 2003 and Marris 2011). Its story
highlights three key points we explore throughout this
chapter. First, it indicates that novel species interac-
tions should be considered in conservation efforts.
Second, it demonstrates that novel ecosystems can
provide some of the same functions as their historical
counterparts. Lastly, it serves as a cautionary tale: the
fody nearly went extinct due to anthropogenic land
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Figure 3.1 A male Rodrigues fody (Foudia flavicans)
displaying. Photograph courtesy of Dubi Shapiro.

change and native forests are recovering slowly, if at all
(Impey et al. 2002). Slowing anthropogenic drivers of
ecosystem change, such asland conversion and climate
change, is the primary way to reduce the frequency of
these types of conservation challenges. Novel ecosys-
tems and associated species interactions may be a sig-
nificant secondary tool in conservation situations.

This chapter is about when and how to intervene in
novel ecosystems. It provides a brief introduction to
many of the ideas and concepts addressed in greater
detail in later chapters. It is not an argument for the
virtue of novel ecosystems per se; given the choice,
most of us would opt to mitigate many of the processes
driving ecosystem change. In a world of rapid human-
induced change however, the power of the novel eco-
system concept is its pragmatism. Novel ecosystems
can serve conservation aims, whether by maintaining
species diversity or providing ecosystem services. Here
we develop a framework to aid in evaluation of such
benefits. We first describe approaches to identify thresh-
olds shifts into novel territory. Second, we consider how
functional similarities between novel and historical
ecosystems can inform decisions about when and how
to intervene in novel ecosystems. We conclude with a
discussion of practical considerations and methods for
managing these systems.

3.2 THRESHOLDS AND ANTICIPATING
DRAMATIC ECOSYSTEM SHIFTS

Novel ecosystems are composed of non-historical
species configurations that arise due to anthropogenic
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Figure 3.2 Types of ecosystems under varying levels of
biotic and abiotic change. A historical ecosystem remains
within its historical range of variability; a hybrid ecosystem
is biotically and/or abiotically dissimilar to its historical
ecosystem but is capable of returning to the historical state;
novel ecosystems are biotically and/or abiotically dissimilar
to the historical state and have passed a threshold such that
they cannot be returned to the historical state. Pathways
represent possible directions of change: (1) shifts from
historical to hybrid ecosystems that are reversible; (2)
non-reversible shifts from historical or hybrid ecosystems to
novel ecosystems; and (3) further biotic and abiotic shifts
are possible within novel ecosystems. From Hobbs et al.
(2009). Reproduced with permission of Elsevier.

environmental change, land conversion, species inva-
sions or a combination of the three. They result as a
consequence of human activity but do not depend on
human intervention for their maintenance (Hobbs
et al. 2006; Chapter 5). Because it can be easier to
reverse the effects of some drivers of ecological change
but not others, a useful distinction is between hybrid
and novel ecosystems. While both hybrid and novel
ecosystems are composed of new species combinations
and/or abiotic conditions, hybrid ecosystems can more
readily be returned to their historical states whereas
significant barriers prevent novel ecosystems from
returning to their historical states (Fig. 3.2).

This distinction is important for two reasons. First, a
primary management goal is often to prevent threshold
shifts that result in novel ecosystems. This requires the
ability to differentiate a hybrid from a novel ecosystem
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before the shift occurs, and also requires the ability
to reverse or control the effects of drivers causing
the shift. Second, when a threshold has been crossed
that in practice is irreversible, it becomes necessary to
develop new management goals for the resulting novel
ecosystem other than returning it to its historical state.
Later in this chapter we will discuss how to develop
management goals for novel ecosystems, but it is first
important to characterize possible thresholds. Without
a robust consideration of threshold dynamics, it is pos-
sible that the novel label becomes over-prescribed with
the unintended consequence that the conservation
potential of some ecosystems is not fully realized.

Thresholds can be crossed when an increase in a
continuous, often exogenous, driver of change, such
as nitrogen deposition or climate change, accumulates
to a point at which the system can no longer absorb
the change and instead shifts into a different state.
Identifying these tipping points can help managers pri-
oritize their efforts in hybrid ecosystems (Suding and
Hobbs 2009). For example, known thresholds tipped
by rising salinity in the Wheatbelt of south-western
Australia (Cramer and Hobbs 2002) helped managers
decide when to intervene to prevent a large freshwater
lake from becoming saline (Froend et al. 1997; Wallace
2003). Managers with extensive ecological knowledge
and access to long-term datasets may be better placed
than most to make use of the threshold approach in
a predictive manner (Bestelmeyer 2006; Bestelmeyer
et al. 2011). There will always be uncertainty about the
exact location of thresholds however, and for systems
characterized by complex dynamics it may not be pos-
sible to develop indicators of an impending regime shift
(Hastings and Wysham 2010). Consequently, a combi-
nation of a threshold approach with risk assessment
— what are the consequences if a threshold is crossed?
— is needed to help guide decision making (Polasky
et al. 2011; Chapter 18).

Species invasions can similarly drive ecosystems
across thresholds. Species invasions are often dynamic
and difficult to anticipate, and invasion-driven thresh-
olds may be passed before they have even been noticed
(Box 3.1). For example, relatively little research has
been conducted to show quantitative thresholds of
biotic and abiotic impacts of biological invasions on
native assemblages (Gaertner et al. 2009). Understanding
invasion-related thresholds is further confounded by
the time lags between invasion and impact (Sax and
Gaines 2008). For example, the non-native quinine
tree (Cinchona pubescens) now comprises 20% of the

cover in shrub lands in the highlands of the Galapagos
Islands. This invasion has resulted in a reduction in the
abundance of most native plant species but, as yet, no
local extinctions (Jdger and Kowarik 2010). Difficulty
in projecting the future trajectory of the quinine inva-
sion leaves managers uncertain as to whether the
native and non-native species will continue to co-exist
or whether the tree invasion will eventually result in
extinctions. Species extinctions are clear examples of
irreversible change but, in practice, changes in species
abundances can also be irreversible if such changes
entail additional effects on ecosystem composition or
structure (Box 3.1). Such examples underscore the
need to couple uncertainty with risk assessment when
designing interventions to prevent threshold shifts
(Chapter 18).

When the driver of change is external to the site,
managers may be able to predict but unable to prevent
the system crossing a threshold. For example, nitrogen
deposition on nutrient-poor soils can have widespread
effects on ecosystem composition and function but,
despite known threshold dynamics, managers may
be unable to reverse the driver (Bobbink et al. 2010).
Consequently, these ecosystems are likely to become
novel and management efforts may be better served
by curbing the effects of threshold shifts rather than
attempting to control the underlying driver (this
approach is discussed further in Section 3.6.2 and in
Chapter 18). In contrast, when a driver occurs at the
site level, such as in the salinity example earlier, man-
agers may aim to intervene in the hybrid system before
the threshold is crossed.

Altered fire regimes are a common anthropogenic
change that can result in both hybrid and novel sys-
tems. In Illinois barrens (a woodland-prairie ecotone),
for example, fire suppression shifted plant community
composition from prairie to woodland species (Anderson
et al. 2000). Reintroduction of fire was associated with
an increase in prairie species abundances; after long
periods of fire-suppression however, the system passed
a threshold such that fire reintroduction was not suf-
ficient to restore historical community composition
(Anderson et al. 2000). Although this threshold may
still be reversible, the additional costs to restore the
historical community are greater if fire reintroductions
occur after the system has passed a definitively hybrid
state. Sometimes altered fire regime can be the result
of other thresholds being crossed; these are very diffi-
cult to reverse. For example, invasion of the introduced
pasture grass Andropogon gayanus created vastly hotter
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Much of the humid highlands and transition zones
of the inhabited islands of Galapagos have been
transformed to a novel state by land use and bio-
logical invasions (Watson et al. 2009). On the
island of Santa Cruz, which was permanently
settled in the 1920s, change has been rapid.
Although the island has experienced longer-term
disturbance from wild stock, the most significant
anthropogenic change occurred when much of
its native forests were cleared between 1960 and
1980. In the south-eastern part, however, which
has less attractive land for agriculture (lower rain-
fall and more rocky), there remains a small patch
of transitional zone forest which could be consid-
ered to be hybrid, that is, it still has its original com-
position and structure. It has a canopy of native
trees and intact shrub layers, whose species are still
actively recruiting. This forest has small patches
of invasive elephant grass (Pennisetum purpureum),
Lantana camara and low densities of Cuban cedar
(Cedrela odorata) and guava (Psidium guayaba). The
most insipid and widespread species is the ground
cover, Tradescantia fluminensis, which has a cover of
greater than 50%.

Are thresholds a good measure to guide interven-
tion? Has this system shifted from hybrid to novel?
The first barrier to answering these questions is
that we have very little data on the historical state.

Box 3.1 Pragmatic management of remnants of the humid highlands of the inhabited islands of the
Galapagos: Are thresholds useful and can we prevent shifts into novel states?

Moreover, Galapagos vegetation, especially in drier
areas, is inherently variable: species abundances
wax and wane with patterns of wet and dry years
(Hamann 1975, 1985). Because the invasion pro-
cess is just beginning it is highly dynamic; conse-
quently, the eventual state of the system is difficult
to envision. If we assume the historical state to
be something structurally similar to its current
state but with all native plant diversity, chemical
control could reduce most invasive species to low
densities and return the system to its historical
state. However, Tradescantia fluminensis invasion
has probably crossed a threshold of impact because
it competes with and prevents the recruitment of
native herbaceous species (M. Gardener, Charles
Darwin Foundation, Galapagos, personal observa-
tion). This threshold has never been quantified in
the Galapagos but has been quantified in New
Zealand (Standish et al. 2001). In hybrid ecosys-
tems thresholds are still reversible. However, the
disturbance created by trying to remove this species
with chemical methods could be highly perverse: it
may damage the biodiversity and ecosystem process
and could potentially facilitate further invasion by
other species. In short, although this system is rela-
tively pristine and can be maintained in its current
state, it is novel and not hybrid because it cannot go
back to its historical state.

fires than normal, killing native savanna species in
northern Australia and resulting in a near monocul-
ture (Rossiter et al. 2003).

Human activity at the site level, such as land conver-
sion and subsequent abandonment, can rapidly push
ecosystems past thresholds. It is easier to identify a
threshold once it has been passed and, while the spe-
cific barriers to recovery can be hard to identify, the fact
that a system has crossed some sort of threshold may
be obvious. For example, if overgrazed vegetation does
not recover after the removal of livestock, managers
can probably assume that a threshold is preventing its
recovery (Westoby et al. 1989). In this case, the more
pertinent question is whether or not the threshold
effects are reversible. This question is central to restora-

tion ecology. Within that context, descriptions of eco-
logical filters (Hobbs and Norton 2004; Funk et al.
2008) and state-and-transition models (Wilkinson et al.
2005; Rumpff et al. 2011) are common frameworks
to test and characterize the presence of thresholds at
a site. Site-level experimental tests and adaptive man-
agement are tools to identify specific barriers to ecosys-
tem recovery and to decide if management interventions
can reverse their effects (Chapter 18). Two additional
considerations are important here. First, it is possible
that a system is so altered that the totality of thresholds
acting at the site cannot be easily identified. For these
highly degraded landscapes, bet-hedging management
that employs an array of approaches may be the most
effective strategy. Second, the social and economic
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costs as well as the ecological consequences of inter-
vention can determine whether in practice the thresh-
old is actually reversible, or whether the ecosystem is
or should be managed as a novel ecosystem (further
described in Section 3.6.1 and Chapter 18).

Ecological and social barriers can interact in a
variety of ways. First, social and ecological drivers
can combine to create novel ecosystems. Earlier we
described suppressed fire frequency as a site-level driver
that could be reversed to prevent a hybrid ecosystem
from becoming novel. Fire suppression, however, is
often due to social pressure to prevent fires near human
habitation; housing growth around natural areas may
in practice turn ecologically reversible factors into irre-
versible drivers of ecosystem change (Radeloff et al.
2010). Importantly, as described in Chapter 5, ecosys-
tems are composed of individuals that move inde-
pendently of one another and in response to their
environment. Humans are no exception to this indi-
vidualistic concept; rather, people and societies are
capable of adapting to and valuing aspects of ecosys-
tem change. The value humans derive from some
aspects of novel ecosystems may form a social thresh-
old that cannot, and possibly should not, be reversed
(Marris 2011).

The notion of an irreversible threshold is therefore a
multidimensional one that includes ecological and
social components. In reality, it may often be theoreti-
cally possible to reverse many thresholds but not prac-
tical due to knowledge, social or resource constraints.
At times, new methods or approaches may shift per-
ceptions of whether the same threshold is reversible or
not. These themes are expanded on in Section 3.6.2
and in Chapter 18. Once an irreversible threshold has
been identified, however, managers know they have a
novel ecosystem and are faced with decisions of how
to manage it. If there is no going back, what is next?
We suggest that a consideration of function in novel
ecosystems can aid in setting goals related to both bio-
diversity conservation and ecosystem services.

3.3 FUNCTION AS A MANAGEMENT
GOAL

An underlying assumption in much of environmental
management is that maintaining or restoring a histori-
cal species assemblage is the best approach to achieve
a suite of other common goals from biodiversity
conservation to ecosystem service provisioning. As

anthropogenic change increases, this assumption be-
comes less defensible (Hobbs et al. 2011). As described
earlier, escalating change may push an increasing
number of ecosystems past thresholds such that they
cannot be returned to their historical states. Rather
than abandoning restoration or persisting with futile
efforts, these systems may require a shift in evaluation
metrics. Are there specific conservation goals or eco-
system services that can be provided through further
management?

The idea of ‘function’ in ecology is used in three
main ways that are relevant to the management of
novel ecosystems (Jax 2005). First, function can refer
to interactions between species or between a species
and its environment. To understand function at the
species level we ask, how does a species affect its envi-
ronment, and how is it affected by its environment
(Naeem 2002)? Second, function can refer to the col-
lective effect of a complex set of interactions on the
processes that sustain the functioning of the whole
ecosystem. This meaning of ecosystem function is
broad in scope and so prompts a different set of ques-
tions, for example, what do individual species or groups
of species contribute to particular ecosystem func-
tions? How do individual functions sum to affect the
functioning of the whole ecosystem (Grime 1998)?
Third, when ecosystem functions are considered in
relation to human well-being, they become ecosystem
services. Ecosystem services can take a variety of forms
from regulatory (e.g. climate regulation and pollina-
tion) and supporting (e.g. nutrient cycling) services to
provisioning (e.g. food and water) and cultural services
(Millennium Ecosystem Assessment 2005).

An explicit focus on function provides metrics to set
management goals in novel ecosystems. Novel ecosys-
tems by definition differ from historical ecosystems in
their biotic and/or abiotic characteristics, but func-
tional similarities between past and present species
can potentially mitigate the effects these changes
have on ecosystem functions (Benayas et al. 2009).
Environmental filtering can cause trait compositions to
converge even while species compositions diverge
(Fukami et al. 2005), and consequently novel ecosys-
tems with altered biotic composition may still function
like their historical ecosystems.

Figure 3.3 illustrates the space of possible relation-
ships between historical, hybrid and novel ecosystems
and their functional similarity to the historical system.
For both historical systems and functionally similar
hybrid systems, interventions may be a low priority
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Figure 3.3 A state-space of functional similarity to the
historical ecosystem in relation to abiotic and biotic novelty.
Depending on management goals, functional similarity in
this context may refer to habitat provision, ecosystem
service provision or diversity maintenance. Compositionally
similar but functionally dissimilar ecosystems are unlikely
to occur and are labeled ‘not possible’. Circles represent
ecosystems that have not crossed a threshold into a novel
state; squares represent ecosystems that have. Three
pathways are considered in order of management
preference: (A) when possible, functionally similar historical
or hybrid ecosystems should be managed to prevent
threshold shifts into a novel state; (B) functionally dissimilar
hybrid ecosystems should be prioritized for restoration to
their historical state; and (C) novel ecosystems should be
managed to maintain or restore functional similarity to

the historical state.

with one exception: managers may aim to understand
possible threshold points in the system and at times
intervene to prevent an irreversible threshold from
being crossed (Fig. 3.3, pathway A). For novel ecosys-
tems with high functional similarity to historical
systems, intervention may similarly be a lower priority.
Alternatively, for both hybrid and novel ecosystems in
which key functions are lost, interventions to restore
those functions may be a priority. For hybrid systems
this can be achieved by returning the ecosystem to its
historical state (Fig. 3.3, pathway B). For novel ecosys-
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tems, however, interventions to restore functions may
be more successful if they are not restricted to promot-
ing the historical species pool (Fig. 3.3, pathway C).

3.4 SCALES OF ECOSYSTEM
FUNCTIONING

Conservation of single species, as in the case of rare
and endangered species, requires consideration of the
functional traits and relationships of the species of
concern. Managers should aim for a novel ecosystem
to provide the focal species with functionally similar
habitat to the historical ecosystem. As in the case of
the Rodrigues fody, these relationships are often capi-
talized on for bird conservation. In the British Isles, for
example, native blue tits began to feed upon non-native
gall wasps hosted by the non-native Turkey oak after a
decline in native oak and caterpillar populations (Stone
et al. 2008; Hobbs et al. 2009). Similarly, removal of
non-native pines outside of Perth, Australia was
recently slowed when it was recognized that pine seeds
had become an important food source of the endan-
gered Carnaby’s black cockatoo (Valentine and Stock
2008). Other examples of novel ecosystems providing
habitat for bird species (Gleditsch and Carlo 2011)
led one editorialist to answer the question ‘do native
birds care whether their berries are native or exotic?’
with a simple ‘no’ (Davis 2011). While birds are a well-
studied taxa for these questions, there is evidence the
same principles hold true more broadly from the seed-
disperser requirements of trees (Dungan et al. 2002)
to the habitat requirements of beetles (Pawson et al.
2008).

To achieve other goals, a focus on ecosystem-level
functions and services may become important. Increas-
ingly, managers look to enhance ecosystem services as
well as maintain key species. For some regulatory and
supporting services, the origin of the species may
matter very little; rather, they may depend on whether
specific functional groups are present (Mascaro et al.
2012). Although an extreme example of ecosystem
change, mine-site reclamation illustrates this well.
Vegetation removal prior to mining results in a need to
quickly re-stabilize soils once mining is complete. As a
consequence, managers often plant fast-growing or
deep-rooted plants regardless of their origin to ensure
that this supporting service is restored (Richardson et
al. 2010). At the landscape level, the well-reputed
Working for Water program in South Africa partners
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with local communities to remove invasive species
based not on the origin of species, but rather on how
species affect ecosystem function. In working land-
scapes in the United States, range managers employ a
range-assessment protocol that evaluates soil stability,
hydrology and biotic integrity without considering
species identity (Pyke et al. 2002). Finally, cultural
ecosystem services are not necessarily tied to historical
species assemblage. This is particularly evident in urban
landscapes, in which novel ecosystems can reflect peo-
ple’s preference for nature that may not include his-
torical ecosystems (Chapter 38).

3.5 PUTTING IT TOGETHER:
MULTIPLE FUNCTIONS AND
FUNCTIONAL TRADE-OFFS

Although specific functions may be similar between
novel and historical ecosystems, no two species are
exactly alike or functionally redundant. As a conse-
quence, it is unlikely that a novel ecosystem will be
similar to its historical analog for all functions. Rather,
goals based on function require managers to choose
specific functional relationships, conservation priori-
ties and ecosystem services to focus on. Literature is
rapidly growing on when and where ecosystem serv-
ices can be bundled versus when there are trade-offs
between services, but our understanding is still limited
as to how services interact (Nelson et al. 2009; Lavorel
etal. 2011). Similarly, there is often uncertainty about
whether specific functions in a novel ecosystem will be
retained over time. Ecosystem functions can shift with
environmental variability, and there is growing evi-
dence that multiple species are needed to maintain the
same ecosystem function over time (Isbell et al. 2011).
As a consequence, in many cases managers will be
willing to consider ecosystem processes in tandem but
not in place of biodiversity or native species diversity
(Thompson and Starzomski 2007; Duffy 2009). Thres-
hold effects may limit the feasibility of restoring native
diversity to novel ecosystems but, to the extent that
restoring native species is possible, synergies and trade-
offs may similarly exist between this goal and goals based
on species conservation and ecosystem services.

These decisions are context-dependent, but the fol-
lowing examples illustrate the range of trade-offs and
choices faced by managers.

* Management for species conservation may not translate
to ecosystem conservation. Kirtland’s warbler (Setophaga

kirtlandii) is a rare bird with very specific habitat
requirements, spending its winters in the Bahamas
and summers in jack pine (Pinus banksiana) barrens in
Michigan. Historically the jack pine barrens ecosystem
was maintained by fire, but fire suppression around
human population centers has reduced this ecosystem
type. Strategic logging in jack pine plantations provides
a habitat analog for the warbler and has been viewed
as a good choice for conservation (Houseman and
Anderson 2002). However, logging fails to replicate
vegetation diversity and stand structure (Spaulding
and Rothstein 2009).

* Synergies and trade-offs between cultural services, eco-
system function and biodiversity. Indirect human effects
on wetlands near human habitation, such as altered
hydrological regimes and nutrient levels, and direct
human effects such as recreation can result in major
compositional and structural change. In urban wet-
lands in New Jersey, Ehrenfeld (2004) found that
increased human use of wetlands resulted in both
emerging ecosystem functions as well as trade-offs
among ecological and social functions. For example,
increased potential to store flood waters was associated
with an increase in plant diversity but a decrease in the
presence of vertebrates. Low water levels were associ-
ated with more vertebrates but also with increased
disturbance from humans, such as trash dumping.
Different again, areas with a lot of human recreational
use also had low plant diversity (Ehrenfeld 2004).
These examples highlight that understanding the syn-
ergies and trade-offs in achieving different conserva-
tion goals and ecosystem services is a key aspect of
novel ecosystem management. At times this may entail
tough value judgments to set realistic goals for ecosys-
tem management. In other cases, such as the example
of urban wetlands, a landscape perspective may be
required to achieve multiple goals across several sites.
Often, complementarity between species that provide
different ecosystem functions may allow managers to
augment management interventions to achieve a core
goal while also achieving additional functions and
services. For example, to guide restoration decisions
aimed at controlling post-fire invasion of cheatgrass
(Bromus tectorum), Wainger et al. (2010) developed an
optimization model that focused on several ecosystem
services (antelope hunting, property protection from
fire, sage-grouse habitat and forage production) and
incorporated cost-effectiveness ratios of restoration
options. They found that if managers selected sites to
optimize multiple services and utilized treatments with



the greatest cost-effectiveness ratios (often the lowest
intensity treatment), service benefits would increase
three-fold. In this example and in general, practical
and cost considerations shape ecosystem manage-
ment. These constraints are expanded upon in the fol-
lowing sections.

3.6 FROM GOALS TO
IMPLEMENTATION: PRACTICAL
CONSIDERATIONS AND NOVEL
METHODS

3.6.1 Practical considerations

Considering the functional relationships of species and
ecosystem services helps provide goals for interven-
tions in novel ecosystems. Practical constraints may
however have an effect on when it is appropriate to
intervene in novel ecosystems.

First, consideration should be given to temporal
factors that may affect how long interventions are
likely to persist in the system. In ecosystems character-
ized by frequent or intense disturbances, the effects of
management may be superseded by subsequent dis-
turbance. In tropical forests, for example, secondary
succession following anthropogenic disturbance and
natural disturbances such as hurricanes can routinely
result in the assembly of new species combinations
(Chazdon 2003). As a consequence, attempts to manage
for specific species assemblages in these ecosystems are
often futile. Over longer timescales, management with
disturbance may also become unnecessary due to the
self-organizing capacity of ecosystems. For example,
Thompson et al. (2007) suggest that hurricane distur-
bance in the Luquillo Mountains of Puerto Rico serve
as a check on species unable to tolerate infrequent
but intense disturbance. In other situations, however,
reducing the frequency of a disturbance may be the
chief intervention necessary to achieve management
goals. Increased fire frequency in the Amazon, for
example, can result in large shifts in forest structure.
Policies to control fire disturbance are therefore an
important management response to prevent large
shifts in ecosystem function (Nepstad et al. 2001).

Second, spatial factors will matter for the scale of
management action required and its likelihood of
success. For example, the location of a site in relation
to source populations can largely influence the long-
term success of interventions. Working along the
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Sacramento River, Holl and Crone (2004) found that
plant restoration was more successful near remnant
forests. Limited evidence exists on how local and land-
scape factors dictate restoration and management
success, but the need to consider these factors is of
growing research and management interest (Brudvig
2011). Further, while novel species assemblages can
provide site-level conservation benefits and ecosystem
services, they may also have wider landscape-level
effects. Novel ecosystems near sites with a more ex-
clusive management focus on historical assemblages,
such as national parks or ‘museum-style’ conservation
sites, might undermine those management efforts.
Having local management projects out of sync with
other patches at the regional or landscape scale may
lead to the failure of restoration projects at one or both
sites; at the very least, it may alter important local-
regional relationships that structure local diversity
(Ricklefs 1987; Starzomski et al. 2008). Thus, the net
value of novel ecosystems may matter in relation to
landscape factors.

Third, intervention in novel ecosystems should be
based on an understanding of costs as well as benefits.
Miller and Hobbs (2007) emphasize that in ecosystem
management costs generally do not scale linearly
with benefits. For some management objectives, initial
conservation goals may be achieved with a minimal
initial cost while achieving subsequent improvements
becomes disproportionately costly. For example, when
assessing habitat restoration options for grassland
birds in suburban Chicago, Snyder et al. (2007) found
that large areas distant from urban development could
be restored relatively inexpensively whereas the costs
of both restoration and land acquisition increased
greatly for land parcels nearer to urban areas. On the
other hand, large initial costs may be necessary to
achieve initial benefits. For example, native plant res-
toration efforts in the Gulf Islands of British Columbia,
Canada, were stymied by herbivores including intro-
duced fallow deer (Dama dama) and Canada geese
(Branta canadensis). These herbivores have negative
effects on local vegetation because they facilitate com-
petitively superior non-native grasses (Best and Arcese
2008) by increasing nutrient loading in conjunction
with non-native species propagule supply and herbiv-
ory (Best 2008; Gonzales and Arcese 2008). Con-
sequently, the Parks Canada Agency has found it
necessary to invest additional funds to fence an entire
island within the park (Eagle Island) to achieve their
goal of restoring native plants.
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Further, and especially in relation to novel ecosys-
tems, it is important to consider the inadvertent impacts
of management interventions to functions already
maintained within an ecosystem. Herbicide applica-
tion, for example, can deleteriously affect desired species
populations as well as curb populations of non-desired
species. Removal of non-native species may create
‘weed-shaped holes’ (Buckley et al. 2007) that without
additional management expense will simply be re-
filled, sometimes with invasive species that can cause
even greater changes to the desired species composi-
tion (Jager et al. 2009). Lastly, when non-native species
naturalize in an ecosystem they can form facilitative
relationships with existing species and provide valued
(though not necessarily historical) ecosystem func-
tions. In Puerto Rico, for example, the invasive tree
Leucaena leucocephala serves as a nurse plant for native
species and also reduces risks of fire damage by decreas-
ing fuel loads (Santiago-Garcia et al. 2008). Deci-
sions on whether to remove a species should therefore
include consideration of the costs required to replace
the ecosystem functions it provides.

While many of these constraints would suggest
higher tolerance of novel assemblages and non-native
species, the greater uncertainty associated with novel
assemblages also suggests that precaution is an impor-
tant element of novel ecosystem management. Many
invasive species go through low-abundance lapse phases
before becoming highly abundant. In Germany, for
example, 51% of the 184 woody weed species had a
lapse phase longer than 200 years before they became
invasive (Kowarik 1995). In southeastern USA, Kudzu
(Puerarua montana) was planted widely in the early
1900s because it reduced soil erosion in drought years.
Since that time it has become highly invasive, covering
over 3 million hectares in the eastern USA (Forseth and
Innis 2004). Humans have long managed ecosystems
for specific functions and the approach we advocate
here is no different, but the history of Kudzu in the USA
emphasizes the need to temper a focus on ecosystem
function with caution for an uncertain future.

3.6.2 Novel methods

In the framework we have presented, a novel ecosystem
paradigm shifts management concerns from the spe-
cific goal of maintaining historical ecosystems toward
an admittedly more qualitative consideration of how
the ecosystem functions to provide species habitat and

ecosystem services. As a consequence, many manage-
ment decisions focus on what to value and when to
intervene in these ecosystems. Valuing some novel
species interactions, however, also introduces new
approaches for how to manage ecosystems (Seastedt et
al. 2008). Traditional management responses to species
invasions facilitated by novel drivers often include
removing or reversing the driver and targeting the
invasive species to restore native assemblages. These
approaches implicitly assume that successional trajec-
tories can be predicted and that removing drivers of
change is sufficient to reverse change (Hobbs and Norton
1996). A growing body of research on priority effects
(Belyea and Lancaster 1999; Starzomski et al. 2008)
and alternative stable states (Froend et al. 1997; Suding
et al. 2004) suggests that these assumptions are not
always true (Firn et al. 2010). Further, in a world of
global climate change and shifting nutrient cycles, many
drivers of ecosystem change are playing out at a scale
beyond the control of site managers. To achieve many
conservation goals, new approaches become necessary.

These new approaches tend to take two forms. First,
new species interactions can mitigate the effects of
novel drivers, even if those drivers cannot be reversed.
Grazing as a management tool is often used in this
context, from mimicking the effects of now-suppressed
fire regimes (Seastedt et al. 2008) to mitigating the
effects of shifting nutrient cycles (Weiss 1999; Box 3.2)
and even curbing the dominance of species whose
initial invasion was facilitated by grazing (Firn et al.
2010).

Second, when a system has been degraded through
multiple pathways, it can be difficult to isolate and
account for all possible thresholds that pose barriers
to restoration. Uncertainty about the identity of all
thresholds need not be an excuse for inaction, however.
For plant restoration, Seastedt et al. (2008) suggest
seeding species with a wider range of functional traits
and environmental tolerances than present in the his-
torical community. In areas where seed source is not
limited, this provides a cost-effective way to increase
the likelihood that some desired species establish at
the site. For example, in an attempt to restore a mined
gravel pit that was once tallgrass prairie, Cherwin et al.
(2009) seeded grasses with moisture requirements span-
ning a wide (500 mm) rainfall gradient. This resulted
in a mixed-grass community that, while different from
the historical community, was able to persist and pro-
vided many of the same ecosystem functions (Seastedt
et al. 2008; Cherwin et al. 2009).



Box 3.2 A novel management technique to
restore species diversity in California serpentine
grasslands

Covering only 1% of California’s landscapes, ser-
pentine grasslands contain 10% of California’s
endemic plant species (Safford et al. 2005).
These endemics include Lasthenia californica,
which in the spring lives up to its common
name of goldfields, and Plantago erecta, which
serves as the key host plant for the well-studied
highly endangered Bay Area checkerspot but-
terfly. In short, California serpentine grasslands
are prime for management focused on native
species diversity. Historically, little intervention
was necessary to achieve this goal. The high
level of endemic serpentine plant species is
due their adaptation to harsh low-nutrient soil
conditions that characterize serpentine soils.
These same soil characteristics have also histori-
cally restricted the establishment of non-native
Mediterranean grasses that have successfully
invaded most other California grasslands. More
recently, however, nitrogen deposition from
automobiles has provided a release which allows
non-native annual grasses to invade serpentine
systems (Weiss 1999). When these tall thatch-
forming annual grasses become dominant in
serpentine systems, they dramatically reduce
many native species abundances (Weiss 1999).
Removing nitrogen from the system or slowing
rates of deposition are outside of the control of
site managers. Cattle grazing however serves
to remove much of the biomass of non-native
species from the serpentine, and cattle trampling
reduces the accumulation of non-native thatch
that suppresses native species (Weiss 1999).
Consequently, cattle grazing constitutes a novel
management technique to mitigate the effects
of a novel and, from a species conservation per-
spective, deleterious driver of change.

3.7 WHEN DOES A NOVEL STATE
BECOME THE REFERENCE?

Throughout this chapter we have retained the assump-
tion that the historical ecosystem is an appropriate ref-
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erence (if not always for species composition, then for
key species interactions and ecosystem function). It is
worth tempering this assumption with a consideration
of ecological history. First, ecosystems are constantly
in flux and the time point which we designate ‘histori-
cal’ will be different relative to past time points. Natural
climate change coupled with other environmental
changes and contingencies have generated no-analog
species combinations throughout ecological history
(Jackson et al. 2009). Second, a growing body of litera-
ture indicates that human societies have long altered
ecosystems to suit their needs (Mann 2005; Gammage
2011). This literature both challenges notions of what
is natural and suggests that long-past human actions
may leave legacies that continue to shape ecosystems.
Consequently, a consideration of history provides
justification for modern societies to accept some eco-
system change and intervene in ways that promote
biodiversity and ecosystem services (Jackson and
Hobbs 2009). As species assemblages shift and adapt
to anthropogenic change, there may be instances in
which novel ecosystems are preferable to any historical
ecosystem. This is either because they provide func-
tions that would be lost in the attempt at traditional
restoration, or because emergent assemblages are better
able to respond to ongoing environmental change. This
is the rationale behind efforts to increase connectivity
for species to adapt to climate change, and also behind
more extreme management suggestions such as assisted
colonization (Loss et al. 2011). While these manage-
ment questions are largely outside of the scope of this
chapter, the reasons they are considered highlight the
importance of assessing what species and functions
an ecosystem currently maintains before attempting
to alter it.

3.8 CONCLUDING NOTES

We live in a world shaped by widespread and escalating
human activity. As long as anthropogenic change
exists, other species will continue to respond to it. This
basic premise of the novel ecosystem framework is
the foundation for both realistic and optimistic conser-
vation actions. Attempts to restore historical assem-
blages that do not consider the costs, long-term
probabilities of success and ecological consequences
of these actions are likely to have unexpected and often
unwanted results. Trying to understand when to value
emerging species assemblages and interactions, in
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contrast, provides new opportunities for biodiversity
conservation. Acknowledging the dynamism inherent
in ecosystems should underpin research and theory as
we move toward a robust framework for managing eco-
systems in a world of rapid change.
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